The levels of 18 organochlorine pesticides (OCPs) in the water from Lake Chaohu were measured by a solid phase extraction-gas chromatography-mass spectrometer detector. The spatial and temporal distribution, possible sources, and potential ecological risks of the OCPs were analyzed. The annual mean concentration for the OCPs in Lake Chaohu was 6.99 ng/L. Aldrin, HCHs, and DDTs accounted for large proportions of the OCPs. The spatial pollution followed the order of Central Lakes > Western Lakes > Eastern Lakes and water area. The sources of the HCHs were mainly from the historical usage of lindane. DDTs were degraded under aerobic conditions, and the main sources were from the use of technical DDTs. The ecological risks of 5 OCPs were assessed by the species sensitivity distribution (SSD) method in the order of heptachlor > γ-HCH > p,p -DDT > aldrin > endrin. The combining risks of all sampling sites were MS > JC > ZM > TX, and those of different species were crustaceans > fish > insects and spiders. Overall, the ecological risks of OCP contaminants on aquatic animals were very low.
Introduction
As typical persistent organic pollutants (POPs), organochlorine pesticides (OCPs) were widely used and have threatened the ecosystem and human health due to the need for pest control. There are 15 OCPs in the list produced by the Stockholm Convention on Persistent Organic Pollutants, which forbids the production and use of 22 of chemical substances, including DDT, chlordane, mirex, aldrin, dieldrin, endrin, hexachlorobenzene, heptachlor, toxaphene, α-HCH, β-HCH, lindane (γ-HCH), chlordecone (kepone), pentachlorobenzene, and endosulfan [1, 2] . Although these OCPs have been banned (especially DDT) and the residual levels have gradually decreased since the 1980s, OCPs can still be detected in various environmental and biological media [3] [4] [5] .
OCPs can enter the water, one of the environmental media that is most vulnerable to OCP contaminants through a variety of routes, such as surface runoff and atmospheric wet and dry deposition. At present, there are residues of OCPs in the surface water including rivers, lakes, and oceans, such as the Küçük Menderes River in Turkey [6] , the Ebro River in Spain [7] , the Gomti River in India [8] , and the section from the Sea of Japan to the Bering Sea [9] . There has also been much research on the distribution of organochlorine pesticides in the environment, such as that in the Huaihe River [10] , the Pearl River [11] , the Guanting Reservoir in Beijing [12] , and Lake small Baiyangdian [13] . The residue concentrations in these regions were different.
Lake Chaohu, located in the center of Anhui Province (Figure 1 ), is the fifth-largest freshwater lake in China, with a water area of approximately 760 km 2 . In addition to the development of fisheries and agricultural irrigation, Lake Chaohu is also the drinking water source for the 9.6 million residents in the surrounding areas, and the water quality will affect the health and safety of the residents directly. Therefore, this study on the residual levels of the organochlorine pesticides (especially HCHs and DDTs), their spatial and temporal distributions, the source analysis, and the ecological risks will not only contribute to understanding the environmental behavior and potential hazards of persistent toxic pollutants but also provide the necessary theoretical basis for persistent toxic pollution prevention and lake environmental management.
Materials and Methods

Measurement of OCPs in the Water.
The water samples were collected from May 2010 to February 2011 monthly, and the distribution of the sample sites is shown in Figure 1 . The MS and ZM are located at 200 meters south of the Zhongmiao Temple and 200 meters east of Mushan Island, respectively; the JC and TX represent the city water intake near the Chaohu automatic monitoring station and western TangXi, 150 meters south of the intake of original waterworks, respectively. The surface, middle, and bottom water samples were collected separately and then mixed together. In the sampling sites having depths of more than 1 meter, the water samples were collected from the surface water (0-0.15 m below the surface), the midwater (0.5-0.65 m below surface), and, the bottom water (0-0.15 m above the sediment) and mixed. In the sites having depths of less than 1 meter, the surface water and the bottom water were collected and mixed. The water samples were stored in brown glass jars that were washed with deionized water and the water samples before use. From each site, 1 liter of water was collected.
As a recovery indicator, 100 ng 1-Bromo-2-nitrobenzene was added to the water samples, which were then filtered through a glass fiber filter (ashed at 450
• C for 4 h) using a peristaltic pump (80EL005, Millipore Co., USA) and a filter plate with a 142 mm diameter to remove the suspended particles. A solid phase extraction system was used to extract the filtered water samples. Before extraction, the octadecylsilane SPE cartridges (SPE, C18, 6 mL, 500 mg, Supelco, Co., USA) were first washed with 6 mL dichloromethane and conditioned with 6 mL methanol and 6 mL ultrapure water, and the cartridges were not dried before loading the samples. After the activation, the water samples were loaded using a large volume sampler (Supelco Co., USA) that was connected to the SPE vacuum manifold (Supelco Co., USA), and the cartridges were dried by vacuum pump after the extraction step. The SPE cartridges were sealed and delivered back to laboratory prior to the elution and purification.
Each cartridge was connected to an anhydrous sodium sulfate (5 g) cartridge and eluted using DCM (three times, 6 mL per elution). The extracts were concentrated to approximately 1 mL with a vacuum rotary evaporator (Eyela N-1100, Tokyo Rikakikai Co., Japan). The solvent was changed to hexane, and then the samples were again concentrated to approximately 1 mL. PCNB (pentachloronitrobenzene) was added to the sample as an internal standard. The samples were concentrated to 10 μL with flowing nitrogen, transferred to micro volume inserts, and sealed until analysis.
The samples were analyzed using an Agilent 7890A-5975C gas chromatography and mass spectrometer detector and a HP-5MS fused silica capillary column (30 m × 0.25 mm × 0.25 μm, Agilent Co., USA). Helium was used as the carrier gas at a flow rate of 1 mL/min. Samples (1 μL) were injected by the autosampler under a splitless mode at a temperature of 220
• C. The oven temperature program was the following: 50
• C for 2 min, 10
• C/min for 240 • C, 240
• C for 5 min, 10
• C/min for 300 • C, and 300
• C for 5 min. The ion source temperature of the mass spectrometer was 200
• C, the temperature of the transfer line was 250
• C, and the temperature of the quadrupole was
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• C. The compounds were quantified in the selected ion mode, and the calibration curve was quantified with the internal standard.
There were two parallel samples in each sampling site. The samples, the method blanks, and the procedure blanks were prepared in the same manner. The test for recovery and the detection limit of the method should be performed before the sample analysis (Table 1) .
Ecological Risk Assessment.
In this study, the species sensitivity distribution (SSD) model was applied to evaluate the separate and combining ecological risks of typical OCPs, following these basic steps: (1) toxicological data acquisition and processing, (2) SSD curve construction, (3) calculation of the potentially affected fraction (PAF) to assess the ecological risk of a single pollutant, and (4) calculation of the multiple substances potentially affected fraction (msPAF) to assess the combining risks of multiple pollutants [14, 15] .
Toxicity Data Acquisition and Processing.
Acute toxicity data (such as LC50 and EC50) or chronic toxicity data (NOEC) can be used to conduct an SSD curve, and in this study, acute toxicity data were used due to the lack of chronic toxicity data for OCPs. The toxicity data were collected from the ECOTOX database (http://www.epa.gov/ecotox/), and the search criteria included the LC50 endpoint, the exposure duration of less than 10 days, and the type of freshwater and tests in laboratories, and all species were considered. Because of the differences between the personnel and laboratory environment, there are many toxicity data on the same pollutant for the same species. In this study, the data point was the geometric mean of the toxicity data for the same species [16] . To understand the ecological risks to different types of freshwater organisms comprehensively, the toxicity data for the OCPs were classified into three patterns: (1) all species were not subdivided, (2) all species were subdivided into vertebrates and invertebrates, and (3) three subcategories for which the toxicity data were rich were selected, which included fish, insects and spiders, and crustaceans. According to the availability of the OCP toxicity data and the levels of exposure to the water of Lake Chaohu, this study selected five typical OCPs, which were p,p -DDT, γ-HCH, heptachlor, aldrin, and endrin, to assess the ecological risks. Table 2 shows the statistical characteristics of the toxicity data.
SSD Curve Fitting.
The basic assumption of the SSD is that the toxicity data of the pollutants can be described by a mathematical distribution and that the available toxicity data are considered as a sample from the distribution that can be used to estimate the parameters of the distribution [17] . First, the species toxicity data (e.g., LC50 or NOEC) were sorted according to the concentration values (μg/L), and the cumulative probabilities of each species were calculated in accordance with the following formula [18, 19] :
where i is the rank of species sorting and n is the sample size. Then, after placing the concentrations on the X-axis and the cumulative probabilities on the Y -axis in the coordinate system, these toxicity data points are marked according to the exposure concentration and cumulative probability of different organisms and fitted on the SSD curves by selecting a distribution. There are a variety of models, including parametric methods such as lognormal, log-logistic, and Burr III [20] [21] [22] and nonparametric methods such as bootstrapping [23] . At present, there is no principle for choosing the method when fitting an SSD curve because no research can prove to which specific curve form that the SSD belongs. Therefore, different researchers may choose different fitting methods [21] ; for example, the researchers in the US and Europe recommended using a lognormal distribution to conduct the SSD curves, whereas others in Australia and New Zealand recommended the Burr III. Taking into account that the Burr III type requires less data and has a flexible distribution pattern that can be flexibly converted into ReWeibull and Burr III, depending on the size of the parameter values, and be conducted well using the species toxicity data [14] , this study used a Burr III distribution to fit the SSD curves. In this paper, the software BurrliOZ, which was designed by Australia's Commonwealth Scientific and Industrial Research Organization (CSIRO) [24] , was employed to fit the SSD curves and calculate the relevant parameters. Five OCP SSD curves for vertebrates, invertebrates, fish, crustaceans, and insects and spiders are shown in Figure 2 . The Scientific World Journal 
Calculation of the
where x is the concentration of the pollutant (μg/L) in the environment and b, c, and k are the three parameters of the model (the same as below). When k tends to infinity, the Burr III distribution model transforms into a ReWeibull distribution model:
When c tends to infinity, it transforms into a RePareto distribution:
The parameters are calculated by the BurrliOZ program. When k is greater than 100 or c is greater than 80, the software will use ReWeibull or RePareto to calculate the relevant parameters automatically. The fitting parameters for p,p -DDT, γ-HCH, heptachlor, aldrin, and endrin are given in Table 3 .
The Calculation of msPAF.
The advantage of the SSD is that the msPAF can be calculated and consequently the combining ecological risks of multiple pollutants can be evaluated. According to the toxic mode of action (TMoA) by different pollutants, the msPAF was calculated using concentration addition or response addition [25] . In this study, the TMoAs of the five OCPs were different, and thus the response addition was adopted. The equation is as follows:
Results and Discussion
The Residues of OCPs in the Water
. Eighteen OCPs were found in the water from Lake Chaohu (Table 4) , which were the following: HCH isomers (α-, β-, γ-, and δ-HCH), DDT and its metabolites (o,p -, p,p -DDE, DDT and DDD), heptachlor, hexachlorobenzene (HCB), aldrin, isodrin, endosulfan isomers (endosulfan I, endosulfan II), γ-chlordane, and endrin. The annual mean concentration of the region's total OCPs was 6.99 ng/L, and the arithmetic mean was 7.14 ± 4.19 ng/L. The detection rates of aldrin, HCB, α-HCH, β-HCH, and γ-HCH were 100%, while the rates of γ-chlordane and endrin were less than 50%; the rates of the other pollutants ranged from 64.86% to 97.3%. The residual level of aldrin (2.83 ± 2.87 ng/L) was the highest, followed by the DDTs (1.91 ± 1.92 ng/L) and the HCHs (1.76 ± 1.54 ng/L); together, these residual levels accounted for 91% of the total OCPs. The residual levels of the pollutants are illustrated in Figure 3 .
Compared with other studies, the level of aldrin in Lake Chaohu was lower than that in the Pearl River artery estuary during the low flow season (4.17 ± 3.07 ng/L) [11] , the Karst Subterranean River in Liuzhou (9.22 ± 1.90 ng/L) [26] , and the Kucuk Menderes River in Turkey (17-1790 ng/L) [6] , higher than that in the Changsha section of the Xiangjiang River (0.22-0.51 ng/L) [27] and the Wuhan section of the Yangtze River (1.88 ng/L) [28] , and comparable with that in the Huaxi River in Guizhou (2.079 ng/L) [29] and the Guanting Reservoir in Beijing (2.26 ± 2.84 ng/L) [30] . The levels of HCHs were similar to those in Lake Baiyangdian (2.1 ± 0.8 ng/L) [31] , considerably lower than those in the Qiantang River in Zhejiang (33.07 ± 14.64 ng/L) [32] , the Chiu-lung River in Fujian (71.1 ± 85.5 ng/L) [33] , and the Kucuk Menderes River in Turkey (187-337 ng/L) [6] , and higher than those in Meiliang Bay in Lake Taihu (>0.4 ng/L) [34] , Lake Co Ngoin in Tibet (0.3 ng/L) [35] , and Lake Baikal in Russia (0.056-0.96 ng/L) [36] . The concentrations of DDTs were also at low levels, which were roughly equal to those in the Nanjing section of the Yangtze River (1.57-1.79 ng/L) [37] and lower than those in the Guanting Reservoir (3.71-16.03 ng/L) [38] , the Huangpu River (3.83-20.90 [11. 97] ng/L) [39] , the Pearl River artery estuary during the low flow season (5.85-9.53 ng/L) [11] , the Kucuk Menderes River in Turkey (ND-120 ng/L) [6] , and the Lake Baikal in Russia (ND-0.015 μg/L) [36] .
The Spatial and Temporal Distribution of OCPs in the
Water. The changes in the concentrations of the total OCPs and the three main pollutants (HCHs, DDTs, and aldrin) in Lake Chaohu and the three subregions from May 2010 to February 2011 are shown in Figure 4 . There were similar trends for the OCPs over time both in the entire lake and in the Central Lake. The OCP levels increased jaggedly from May to September, and the peak was in September. Then, the residues declined rapidly, reached the bottom in November, and rose again from December to February. The trend in the Western Lake from September to February was the same, but the trend in the Eastern Lake was different. One of the main causes was that the concentrations of DDT in July were excessive, resulting in the higher OCPs from the Eastern Lake in July than that in the other months. There was presumably a temporary point source pollution in July. Moreover, the high values of aldrin both in the Western and the Central Lake in September, which were not observed in the Eastern Lake, made the overall trends of the Eastern Lake different from the other subregions. Ten months were divided into four seasons, with spring just using the data of May as a reference The letter in parentheses mean the parameters b, c, k, x 0 , and θ. 
except during winter, and the concentrations were higher in spring and summer than in autumn. The levels of HCHs in winter were greater than those in any other season, but the levels of DDTs were the opposite and with an order of magnitude lower in winter than in the other seasons. The possible reasons for this phenomenon included water changes and the use of related pesticides. Beginning in June, the input amount of water from Lake Chaohu was higher than the output amount, reaching the highest level in July and August. After September, the output amount of water was greater than the input, and the water of Lake Chaohu was gradually reduced. On the one hand, the increase in water diluted the pollutants in the lake, and on the other hand, new pollutants were added to the lake from the area along the river. Furthermore, the use of OCPs around the lake would result in an increase in the OCP residues in spring and summer, when there are more agricultural activities. Additionally, other technical products that include HCHs or DDTs may result in this irregular seasonal variation.
Seasonal differences in the remaining pollutants were analyzed as follows: the seasonal trends of hexachlorobenzene and heptachlor, which were similar to those of HCHs, were the highest residues in winter; the residue of aldrin was at a high concentration, but the seasonal variation was inconspicuous; the pollution of isodrin and γ-chlordane was severe in summer while the concentrations of endosulfan and endrin had high values in spring. These values may have certain relationships with the application characteristics of these pollutants in general without uniform trends.
Based on the spatial distribution, the sampling site JC represented the Eastern Lake and its water source areas, MS and ZM represented the Central Lake and the lakeside area of the Zhongmiao Temple, and TX represented the Western Lake region, which was near the region of the water intake. The data in TX just included September 2010 to February 2011. To ensure the comparability among the sampling sites, the monitoring data of the other three sites were also selected from this period ( Table 5 ). The concentration of the OCPs was 3.33 ng/L from the Eastern Lake, 7.56 ng/L from the Central Lake, and 6.83 ng/L from the Western Lake. The pollution levels, from heavy to light, followed the order of Central Lake > Western Lake > Eastern Lake and the water source area, and the levels of OCPs in the Western and Central Lakes were more than twice those in the Eastern Lake and the water source area. The main pollutants in each region of the lake were different. The main pollutants were HCHs and DDTs in the Eastern Lake and the water source area and aldrin in the Western Lake and the Central Lake in addition to HCHs and DDTs. Because of fewer sampling sites, the spatial differences they reflected may be influenced by the environment around the sites. There was an unpopulated region near the site of JC, whereas the relatively dense residential areas were located near the sites of ZM and MS. The life or industrial emissions were also one of the factors that led to the high pollution levels of the lake. Figure 5 (a) shows that a greater than high proportion of the OCPs (85%) was shared by aldrin, HCHs, and DDTs in the water. The level of aldrin was the highest, accounting for 54.04% in autumn and 24.94% to 37.66% in the other seasons. The highest levels of HCHs were observed (46.43%) in winter, with seasonal HCHs being the main pollutants and the levels being approximately 15% in the other three seasons. In contrast, the level of DDTs was the lowest in winter at 4.32% and higher than the other pollutants in spring and summer at 43.54% and 46.40%, respectively.
The Composition and Source of the OCPs in the Water
The Composition of the OCPs in the
As shown in Figure 5 (b), β-HCH was the main HCH isomer in each season, ranging from 46.20% to 63.44%, followed by α-HCH (20.88%-30.84%). There were no significant seasonal differences between the HCH isomers. The levels of γ-HCH and δ-HCH were relatively lower, ranging from 10.60% to 18.56% and 3.20% to 7.29%, respectively. Figure 5 (c) illustrates that o, p -DDE occupied more than 90% of the DDTs in spring and summer. In autumn o, p -DDE accounted for 41.39%, and o, p -DDT and p, p -DDT, the two other isomers of DDT, accounted for 26.31% and 22.22%, respectively. The major pollutant in the winter was p, p -DDT (79.87%), whereas o, p -DDE accounted for only 11.50%, and the proportion of the remaining isomers was less than 8% collectively. For lindane, which contains more than 99% γ-HCH, the α-/γ-HCH ratio is less than 0.1 and the β-/(α + γ)-HCH is less than 0.06. Because of the high vapor pressures, α-HCH is the main isomer in the air and could be transported for long distances. Hence, the α-/γ-HCH ratio can be used to identify the source of the HCHs [36, 40] . If the α-/γ-HCH ratio is between 4 and 7, the source of the HCH may be The Scientific World Journal from an industrial product, while the ratio for lindane is less than 4 [41] . β-HCH is the major isomer in water, soil, and sediment because of its stable physical and chemical properties. Therefore, the β-/(α + γ)-HCH ratio can be used to identify the history of the HCH use. The high ratio indicates the source of the historical use of technical HCH or lindane [42] . However, there is no acknowledged ratio threshold to illustrate either the historical use or the recent input. Based on the references from other studies [43] , 0.5 was used as a threshold. When the β-/(α + γ)-HCH ratio is less than 0.5, a recent use of lindane or an atmospheric source for the input exists, and when the ratio is greater than or equal to 0.5, HCH comes from the historical use of technical HCH or lindane. According to the analysis above, we can illustrate the source of the HCH in the graph with the ratios as the axes (Figure 6 ). Figure 6 shows that the α-/γ-HCH ratios of the sampling sites from May 2010 to February 2011 ranged from 0.78 to 4.16 and that only the ratio of the Zhongmiao Temple in October 2010 was greater than 4. β-HCH accounted for a high proportion of the total HCHs, and the β-/(α + γ)-HCH ratios of all sites were greater than 0.5. These observations indicated that the sources of the HCHs were mainly from the historical use of lindane after a period of degradation.
Source Identification of HCHs and
The sources of the DDTs can be identified by analyzing their composition in the environment. Technical DDT contains approximately 14 compounds, including 75% p, p -DDT and 15% o, p -DDT, with the o, p -/p, p -DDT ratio being approximately 0.2. dicofol, a substitute for DDT that contained considerable impurities of DDTs, was widely used after the prohibition of technical DDT in 1983. o, p -DDT is the major DDT impurity, and the o, p -/p, p -DDT ratio is 7 ± 2. A high ratio in the environment is considered to indicate pollution by dicofol [44] , and a ratio of 0.2 indicates that technical DDT is the main source. Otherwise, the relative proportions of the DDT metabolites can be used to identify the source. In the environment, DDT can be degraded to DDE and DDD, and the percentage of DDT will decrease as DDE and DDD increase over time [45] . Therefore, the DDT/(DDE + DDD) ratio can indicate when the DDT was used. New inputs are indicated when the ratio is greater than or equal to 1, and historical use is indicated when the ratio is less than 1. Because DDT will be metabolized into DDE under aerobic conditions and DDD under anaerobic conditions, the DDD/DDE ratio can be used to estimate the metabolic environment of DDT. The condition is anaerobic when the ratio is greater than 1 and aerobic when the ratio is less than 1 [46, 47] . According to the analysis above, the DDT triangular graph can indicate the historical use and metabolic environment of DDT [48] . The chart with the o, p -/p, p -DDT and DDT/(DDE + DDD) ratios as axes can illustrate the source and use history of DDT [46] . Figure 7 shows that there were 12 samples without DDT in the 36 samples in which DDTs were detected, and the o, p -/p, p -DDT ratios of the remaining samples ranged from 0 to 2.17, except the two samples at the JC site in June and August. These results indicated that the detectable DDTs were derived from technical DDT, while the use of dicofol made less contribution to the concentrations of DDT in the water from Lake Chaohu, which was affected near the JC site. The DDT/(DDD + DDE) ratios were less than 1 from May to September, ranging from 0 to 0.11 and increased rapidly from October, ranging from 1.10 to 13.40. On the one hand, the degradation of DDT in spring and summer was relatively significant, and on the other hand, there were new inputs in autumn and winter because the ratio was greater than 1. In addition, the low detectable rate of DDD (20.83%) indicated that the metabolic environment was aerobic, which is associated with the higher oxygen content of surface water.
The Ecological Risks of OCPs in Water.
The SSD model was employed to assess the ecological risks for all species at four sampling sites. The average and maximum ecological Figure 7 : The identification of the DDT sources in the water from Lake Chaohu. risks are given in Tables 6 and 7 , respectively. By comparing the mean values, the ecological risk of site MS, where the pollution of p, p -DDT and aldrin was heavy, was slightly higher than those of the other sites. The potential risk of γ-HCH at site TX was relatively higher, while at sites JC and ZM, the risks of heptachlor and isodrin were higher. In 5 OCPs, the ecological risk of heptachlor was the highest, followed by γ-HCH, p, p -DDT, aldrin, and endrin. However, Tables 6 and 7 indicate that the potential risks of the OCPs for all species at the four sites were very low, ranging from 7.885 × 10 −28 to 1.639 × 10 −8 . The maximum risk probability of a single pollutant was less than 10 −7 . Comparing by species, the risks of p, p -DDT and heptachlor for vertebrates were less than those for invertebrates, and the risks of the other three pollutants for vertebrates were higher. For further classification of the three subcategories, the risk of p, p -DDT for crustaceans was 10 −7 , which was the highest, whereas the risk of p, p -DDT was mostly harmless for fish and insects and spiders. The risk of γ-HCH was highest for fish (10 −8 ) and was up to 10 −16 for insects and spiders and less for crustaceans. Heptachlor had no risk for insects and spiders, but its risk for fish was two orders and 10 −14 , respectively. The risk of aldrin, and endrin was ranked as followed: fish > insects and spiders crustaceans. The risk of aldrin for fish was up to 10 −7 , whereas endrin generally had a low risk.
The results of the combining ecological risk of each site are shown in Table 8 . The mean combining ecological risk probability of each site for all species was approximately 10 −10 , following the order of MS > JC > ZM > TX. The site of the highest combining risk was MS in February (1.652 × 10 −10 ). A species-by-species comparison revealed that the potential combining ecological risk probability for invertebrates was 10 −6 at the MS site in February, which was higher than that for vertebrates. Among the three subcategories, the probability of the combining ecological risks was ranked as crustaceans > fish > insects and spiders, with the maximum probability being close to 10 −6 at the MS and ZM sites. Nevertheless, the risk was actually very low because of its order of magnitude, and the pollutants had little influence on aquatic organisms. Overall, the ecological risk of OCPs for aquatic organisms in Lake Chaohu was very low.
Conclusions
(1) The annual mean concentration of the total OCPs in the water from Lake Chaohu was 6.99 ng/L. The level of the total HCHs was 1.76 ng/L, which was the highest in winter, and the level of the total DDTs was 1.91 ng/L, which was higher in spring and summer than that in autumn and winter. The spatial pollutions followed from heavy to light as follows: Central Lakes > Western Lakes > Eastern Lakes and water resource district. The residues of the HCHs and DDTs were lower compared with those from other studies.
(2) Aldrin, HCHs, and DDTs accounted for the majority of the OCPs, and their peak values appeared in the autumn, winter, and spring and summer, respectively. In each season, β-HCH was the main HCH isomer, followed by α-HCH, and there were no significant seasonal differences between the two. The main metabolite of DDT was o, p -DDE in the spring and summer, there were two additional isomers of DDT in autumn, and p,p -DDT was the major metabolite in winter.
(3) The sources of the HCHs were mainly from the historical usage of lindane after a period of degradation. The DDTs were degraded under aerobic conditions, and the main sources were from the use of technical DDTs. The concentration of the DDTs was slightly influenced by the use of dicofol. In spring and summer, the degradation was relatively significant, but there were new DDT inputs in autumn and winter.
(4) The ecological risks of 5 OCPs were assessed by the species sensitivity distribution (SSD) method in the following order: heptachlor > γ-HCH > p,p -DDT > aldrin > endrin. The combining risks of all the sampling sites in decreasing order were as follows: MS > JC > ZM > TX. The combining ecological risks of different species were in the order: crustacean > fish > insects and spiders. Overall, the ecological risks of OCPs contaminants on aquatic animals were very low.
